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Top-down effects of apex predators are modulated by human impacts on
community composition and species abundances. Consequently, research
supporting top-down effects of apex predators occurs almost entirely
within protected areas rather than the multi-use landscapes dominating
modern ecosystems. Here, we developed an integrated population model
to disentangle the concurrent contributions of a reintroduced apex predator,
the grey wolf, human hunting and prey abundances on vital rates and abun-
dance of a subordinate apex predator, the puma. Increasing wolf numbers
had strong negative effects on puma fecundity, and subadult and adult
survival. Puma survival was also influenced by density dependence. Over-
all, puma dynamics in our multi-use landscape were more strongly
influenced by top-down forces exhibited by a reintroduced apex predator,
than by human hunting or bottom-up forces (prey abundance) subsidized
by humans. Quantitatively, the average annual impact of human hunting
on equilibrium puma abundance was equivalent to the effects of 20
wolves. Historically, wolves may have limited pumas across North America
and dictated puma scarcity in systems lacking sufficient refugia to mitigate
the effects of competition.
1. Introduction
The reintroduction of large carnivores to areas in which they were previously
extirpated has provided opportunities to study and quantify the top-down
effects of apex predators within ecological communities (e.g. [1,2]). The strength
of the various ecological effects of apex predators, however, is modulated by
jurisdiction and appears to be obscured in unprotected landscapes where
they are overshadowed by human impacts on community composition and
species abundances [3–6]. Human activities and social tolerance for large carni-
vores, for example, determine carnivore distribution and abundances [7], and
therefore the potential strength of top-down effects attributable to apex preda-
tors in most ecosystems. Further, human agricultural practices subsidize lower
trophic levels and increase bottom-up effects in many modified systems [4,8].
For these reasons, results demonstrating strong top-down effects of apex preda-
tors on subordinate predators and their prey almost entirely come from studies
conducted inside protected areas rather than the much more common multi-use
landscapes dominating modern ecosystems [4,5,9].

Traditionally, ‘top-down effects’ described effects across trophic levels, but
more recently they have also been used to describe the effects of dominant com-
petitors on subordinate competitors that share trophic levels in more complex
food webs (e.g. [10]). Pumas (Puma concolor) are subordinate, wide-ranging,
solitary carnivores and their population dynamics exemplify the difficulties
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in differentiating top-down from bottom-up effects. Pumas
live at low densities and exhibit life histories typical of
long-lived species, making it difficult to obtain sample sizes
needed for complex analyses aimed at understanding drivers
of their population dynamics [11]. Contemporary puma
population dynamics in western North America are also
dominated by anthropogenic top-down effects in the form
of legal hunting [12,13] and other anthropogenic impacts
(e.g. road mortality, conflict management and depredation
permits [14]). Like other apex carnivores, theory predicts that
the abundance of pumas in areas without human hunting is
determined by prey availability [15–17]. Pumas, however,
are also subordinate to four dominant competitors across
their range: grey wolves (Canis lupus), grizzly bears (Ursus
arctos), American black bears (U. americanus) and jaguars
(Panthera onca) [18]. These species compete with pumas for
prey, usurp their kills (i.e. kleptoparasitism) and sometimes
kill them. Therefore, pumas are clearly susceptible to additional
top-down forces beyond those exerted by humans. Evidence
suggests that grey wolves, in particular, impact numerous
puma behaviours, including puma habitat use and prey selec-
tion [19,20], but researchers still lack direct evidence that
wolves affect the abundance of pumas on the landscape [18].

Wolves were reintroduced in Yellowstone National Park in
the USA in 1995, shortly after which they expanded into adja-
cent multi-use landscapes. Between 2000 and 2015, the puma
population in the southern Greater Yellowstone Ecosystem
(GYE) declined by 48%, as explained by three primary
causes of mortality: regulated human hunting of adult and
subadult pumas, grey wolves killing puma kittens, and
increased starvation across age classes, but especially suba-
dults [21]. The southern GYE is a mosaic of variable human
perturbations influencing local wildlife, including legal hunt-
ing of predators and ungulates, and subsidized primary
production through watering grasslands and agriculture on
private ranches and public lands. Wildlife managers also
subsidize bottom-up effects through supplemental feeding
programmes on public lands aimed at supporting wintering
elk (Cervus canadensis) populations andmitigating elk conflicts
with local ranchers [22].

Here, we combine 16 years of monitoring data from 147
individual pumas, their associated estimates of survival and
fecundity, as well as abundance estimates of pumas, wolves
and prey (elk) in an integrated population model (IPM) to link
observed patterns of mortality with declines in puma abun-
dance. Integrated population models provide the opportunity
to includemultiple types of data and allow researchers to simul-
taneously examine the abundance and demographic drivers
underlying changes in abundance [23,24]. Such insights will
support conservation management of pumas and wolves,
given the current expansion of both species in North America
due to reintroduction efforts for wolves and the evolution of
wildlife management encouraging coexistence strategies with
large carnivores following the cessation of predator bounty
hunting. Such work may also prove useful in deciphering his-
toric ecological systems in North America, when pumas and
wolves were sympatric across nearly all of the puma range.
Recent research has highlighted that coyote (C. latrans) expan-
sion in North America, for example, is in part due to wolf
eradication efforts that occurred a century ago [2,25].

Based upon research in other carnivore guilds highlighting
the impacts that dominant competitors have on the abun-
dance of subordinate competitors (e.g. African lion (Panthera
leo) and wild dog (Lycaon pictus) [26]; tiger (Panthera tigris)
and leopard (Panthera pardus) [27]; wolf and coyote [25]), we
predicted that reintroduced wolves would have a popu-
lation-level effect on puma abundance. To begin with, we
accounted for the effects of human hunting on pumas that
might obscure wolf effects. Then we tested several a priori
models to determine whether top-down (human hunting or
wolf abundance) or bottom-up (prey abundance) or some
combination of top-down and bottom-up forces best fit
puma vital rates and changes in puma abundance determined
over 16 years of fieldwork (the time period during which
wolves completely recolonized the study area). Finally, we
used the most parsimonious model explaining observed fluc-
tuations in puma population size to project future potential
puma populations in the region, essential for the conservation
of this charismatic predator and the maintenance of its diverse
contributions to healthy ecosystems [28–30].
2. Methods
(a) Study area and wolf reintroductions
Our research ran from late 2000 until 2017, and our study area
encompassed approximately 2300 km2 of the southern GYE in
northwest Wyoming, USA, northeast of the town of Jackson
(figure 1;WGS84 43.60671, -110.41182). Our study area overlapped
different types of public lands reflecting various, species-specific
management. To the west, the study area included approximately
475 km2 of the Grand Teton National Park, where wildlife were
fully protected, except elk, which were subject to an Autumn
hunt in managed subsections of the National Park. To the south,
wildlife were also fully protected on the 100 km2 National Elk
Refuge (NER), except bison (Bison bison) and elk, which were sub-
ject to limited harvest during anAutumnhunt. The remaining 75%
of the study area was composed of lands managed by the United
States Forest Service (USFS), which allowed legal hunting and
trapping of diverse mammals following guidelines set by the
Wyoming Game and Fish Department (WGFD). This included
hunting of carnivores and competitors, including American
black bears and coyotes, and ungulate prey, including elk, mule
deer (Odocoileus hemionus), moose (Alces alces), pronghorn (Antilo-
capra americana) and bighorn sheep (Ovis canadensis). Grizzly bears
were fully protected during the study, except bears killed due to
human safety or livestock conflict issues on public or private lands.

Wolves were first reintroduced north of our study area in Yel-
lowstone National Park in 1995 [31]. The first breeding pair
settled in our study area in 1999, and annual estimates for the
numbers of wolves and wolf packs in the study area have since
been determined by the United States Fish and Wildlife Service
(USFW). Wolves were protected from legal hunting during our
study excepting 2012 and 2013, when a limited quota hunt was
permitted from October 1 to December 31 of each year. Over
the duration of our research, the number of wolves in the
study area ranged between 10 and 91 individuals, the peak of
which occurred in 2010 [21].

Elk in our study area were part of the migratory Jackson herd
and cooperatively managed by the WGFD, National Park Service
and the NER. Portions of the Jackson elk herd travel long dis-
tances, but the entire herd congregates near Jackson, in winter,
where they receive supplemental feeding on the NER and adja-
cent USFS lands on feed lots managed by the WGFD. Our
study occurred during the time period in which managers
implemented liberal hunting quotas across jurisdictional bound-
aries to reduce the Jackson herd from 16 000 in 2000 to 11 000
animals [22,32].



Figure 1. The location of our study area in northwest Wyoming in the USA in the inset, and a larger map delineating land ownership. The rectangle is the portion
of the study area in which we annually captured pumas. (Online version in colour.)
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Our study area also included large private inholdings
surrounded by public lands (e.g. ranches), as well as develop-
ment on the fringes of local communities, all of which
subsidized primary production directly through agriculture
(hay or alfalfa or other crops), watering pastures for livestock
or lawns, and/or feed provisioning meant for livestock but
used by wildlife. Additional descriptions of climate, topography
and habitat are presented in Elbroch et al. [33].
(b) Puma captures, monitoring and age classifications
We included puma monitoring data beginning in 2001, when a
sufficient proportion of the population had been captured to
justify analyses. We followed puma capture and immobilization
protocols described in Elbroch et al. [33] and approved by the
Jackson Institutional Animal Care and Use Committee (Protocol
027-10EGDBS-060210) and National Park Service IACUC
(Protocol IMR_GRTE_Elbroch_Cougar_2013-2015). Pumas were
fitted with a VHF (Telonics, Mesa, AZ) or GPS (Telonics, Mesa,
AZ; Televilt, Lindesberg, Sweden; Vectronics, Berlin, Germany;
Lotek Wireless, Ontario, Canada) collar. We counted kittens in
known dens, when possible within 3 weeks of their birth, and
then hand-captured kittens between 5 and 7 weeks old without
the aid of immobilization drugs. Any kittens we managed to cap-
ture were fitted with custom-made, lightweight, expandable VHF
collars (Telonics, Mesa, AZ).

We attempted to locate kittens wearing VHF collars every 2
days until they were 10- to 12-months old, when collars dropped
on their own. All other pumas wearing VHF collars were located
at minimum weekly from the ground and monthly from aircraft.
Location data were acquired by GPS collars 4–12 times per day.
All collars were equipped with mortality sensors, which alerted
researchers when an individual had not moved for greater than
or equal to 8 h. We investigated mortality sites and determined
the cause of death through interpreting field signs (e.g. bite
marks, footprints), necropsies conducted with a veterinarian
and based on blood and tissue samples analysed by the
Wyoming Game and Fish Wildlife Health Laboratory [34].
(c) Estimating annual puma density
Each year, we determined the minimum puma density in our
study area based on overlapping home ranges [35]. Annual
home ranges for adult pumas were determined using fixed-
kernel density estimators [36] in ArcGIS 10, and isopleth calcu-
lations in the Geospatial Modeling Environment [37]; methods
are further described in Lendrum et al. [38]. We determined the
boundaries of the area in which we consistently searched for
pumas each winter, and in which we believed we had captured
all resident pumas. In ArcGIS 10, we created a polygon of our
capture area and quantified each puma’s residency within this
polygon [35]. ‘Minimum puma densities’ (i.e. excluding transients
or residents we did not capture) were then determined by
summing the residency estimates for all adult pumaswith overlap-
ping home ranges for each year. Kitten estimateswere those kittens
that accompanied marked, resident females we monitored.
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(d) Integrated population model
We estimated future puma abundance using a demographic
model inclusive of seasonal fecundity and stage-specific survival
rates operating on a six-month time step. Following Elbroch et al.
[21], we split each year into two six-month seasons, one in which
therewas regulated legal hunting for pumas, and the other during
which hunting was not permitted. These seasons captured vari-
ation in effects due to human-caused mortality as well as other
mortality: (i) pumas were legally hunted during a ‘hunting
season’ running from 1 October to 31 March of the following
year. The hunting season also captured additional ecological vari-
ation: elk migrations to low-elevation winter ranges where they
aggregated in large herds near supplementary feeding stations,
mule deer migrations out of the study area, increased competition
between wolves and pumas, and deep snows and cold tempera-
tures influencing puma movements and energetics [20]. (ii)
Puma hunting was closed during the ‘non-hunting season’ from
1 April to 30 September of each year, during which elk migrated
to high-elevation summer ranges and spread out, mule deer
returned to the study area, temperatures warmed, and ungulate
and puma parturitions occurred [21,38].

We defined puma life-history stages based on differences in be-
haviour and survival reported in the literature. We defined kittens
as 0–6 months, subadults as 7–18 months and adults as greater
than or equal to 18 months of age. Kittens (defined as stage K)
were completely dependent on their mothers and experienced
high mortality from both predation and starvation [39,40]. Suba-
dults were dependent on their mothers, less susceptible to
predation [39], but more susceptible to starvation. Subadults
could be legally hunted once they were 1-year old and separate
from their mothers [41], and they experienced additional risks
associated with dispersal [11,42]. While we assumed that all
subadults had the same vital rates, we distinguished between sub-
adults less than a year old that could not be hunted (defined as
stage S1) from older individuals that could be hunted (defined
as stage S2). We pooled all individuals greater than or equal to
18 months old into an adult age class (defined as stage A) when
pumas were expected to establish stable territories and become
reproductively active [11,39].

Our models assumed a birth pulse in the non-hunting season
[38], thus fecundity was only modelled for the non-hunting
season. We did, however, allow some kittens to recruit the fol-
lowing non-hunting season, to better reflect the fact that kittens
may be born late in the non-hunting season, and on occasion,
at the onset of the hunting season [43]. We modelled the
number of kittens that recruited at the end of the non-hunting
season as a fixed proportion, π, of the total number of kittens
birthed in that calendar year.
Survival probabilities were informed by integrating an abun-
dance model with a multistate capture–mark–recapture model.
The abundance model described the seasonal abundances as log-
normal random variables. The mean of each was modelled using
the transition matrices described in equations (2.1) and (2.2). We
modelled the variance of the abundances using a stage-specific
variance term that can be interpreted as the environmental vari-
ation experienced by each stage [44]. The capture–recapture data
was modelled using a multistate survival model that accounted
for death due to legal hunting, or death due to other causes,
hereafter ‘other mortality’. Other causes of death in our study
included starvation, disease, predation, poaching, capture-
related mortalities and undetermined mortality [21]. We allowed
harvested animals to remain in the model until the end of the six-
month harvest period to compete for resources but removed
these harvested individuals from the reproductive pool so that
they were not producing offspring.

The survival models for each stage and season were coupled
to a fecundity model in a stage-structured matrix [45] to quantify
seasonal changes in population abundance. A life cycle diagram
describing all possible state transitions is given in the electronic
supplementarymaterial, figure S1.We denote the natural survival
terms in the model as ϕ, with a subscript indicating the life-history
stage and season, harvest probabilities as pharvest, and fecundity as
f. Kittens (stage K ) were surveyed soon after birth, sowewere able
to estimate true fecundity; all other stages were surveyed at the
end of each census period. Our model for the non-hunting
season in year y included the birth pulse of kittens, the survival
of subadults and adults, and recruitment of all stages. In equation
(2.1), we assumed that kittens recruited to become subadults with
probability π, accounting for the fact that some proportion of kit-
tens may be born late in the non-hunting season, and on occasion,
at the onset of the hunting season.

The hunting season model was similar to the non-hunting
season though it did not have any fecundity term (equation 2.2).
We modelled annual natural survival rates (ϕ(y)) using a logit link
that incorporated covariates associated with each of our hypoth-
eses (described below). Recapture (i.e. detection) probabilities
were modelled with year (y) as a random effect. Individuals that
dispersed from the study area during the study were censored.

Integrated population models are robust to some assump-
tions (e.g. dependence of abundance and recapture data [46]),
but fragile to others, such as tag-loss [47]. We only had one
dropped collar over the course of the study, and we accounted
for heterogeneity in mortality with a stage-structured model.
Transient individuals that are never monitored and only spend
a short time in the study area also have the potential to increase
intraspecific competition that could bias model outputs.
However, in a land-tenure species like pumas [15], we expect that
Knon
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bias to be minimal because negative effects of competition
between residents and transients primarily impact transients.

We considered four continuous covariates aspotential drivers of
seasonal changes in puma abundances: (i) annual minimum puma
densities to test for possible density-dependent effects (estimated
as resident adults/890 km2); (ii) annual elk counts for the Jackson
herd as reported by WGFD; (iii) annual elk counts of the number
of animals wintering off the NER, and which are more reflective of
true prey availability for local pumas [48] and (iv) annual wolf
counts for our study system, as reported by the USFW (electronic
supplementary material, table S1 [21]). Two covariates were differ-
ent elk metrics representing prey availability and bottom-up
effects, as elk abundance had previously proven highly predictive
of cause-specific mortality rates for pumas in the study system
[21]. We tested for multicollinearity among predictor variables and
report them in electronic supplementary material, figure S2.

We used the above covariates to construct six hypotheses
about the ecological factors driving puma vital rates: Model 1
(hereafter the ‘null model’) assumed that all demographic rates
in the models defined by equations (2.1) and (2.2) were constant
through time. Model 2 (hereafter the ‘density-dependent
model’) varied all vital rates depending upon adult puma den-
sities from the previous season. We constructed three additional
models that had density-dependent variables plus one of three
covariates representing top-down versus bottom-up effects on
puma vital rates: Model 3 included annual wolf counts for our
study area as reported by the USFW (hereafter the ‘density +
wolf model’). Model 4 included annual counts for the Jackson
elk herd as reported by WGFD (hereafter the ‘density + elk
model’), andModel 5 included annual counts of elk in the Jackson
elk herd that wintered off the NER as reported by the WGFD and
NER (hereafter the ‘density + off-refuge elkmodel’). Model 6 com-
bined elements from these covariates into a hypothesis we
generated based on the literature about puma ecology and our
own observations in the field. This model included density-
dependent and off-refuge elk effects on puma fecundity, wolf
effects on kitten survival, and both off-refuge elk and wolf effects
on adult survival (hereafter referred to as the ‘Local Perceptions’
model). We did not include a model with both wolves and elk,
because of the high correlations between the variables (R2 = 0.71,
0.78; electronic supplementary material, figure S2). Our initial
diagnostic figures also illustrated patterns of density dependence
in population counts, and therefore, we did not test models with-
out puma density in our initial a priori models. However, we did
run post hoc models that included the effects of individual covari-
ates without density-dependent effects. We standardized all
covariates so that the magnitudes of parameter estimates could
be directly compared within and among models.

We modelled survival rate of age class S, season X, in year y
(denoted as ϕS,X(y)) using a logit model with covariate effects
that could include the effects of density dependence and a covari-
ate. This full form of this model was logit(ϕS,X(y)) = βS,X + βS,P ·
AX(y) + βS,C ·C(y), where βS,X was the intercept term, βS,P was a
regression coefficient that gives the effect of the adults puma den-
sity, AX(y), in season X and year y, and βS,C was a regression
coefficient that determined the effect of a covariate, C(y), in year
y, on age class S. For the null model, we set βS,P = 0 and βS,C = 0,
while for the density-dependent model we set βS,C = 0.

The full annual fecundity model for year y was,
f (y) ¼ ea0þaP �AHunt(y)þaC �C(y), where α0 is the log-fecundity and αP
and αC were regression coefficients that accounted for the
effects of puma adults density in the hunting season and other
covariates, respectively. As in the survival model, we set the
appropriate coefficients to 0 for the null and density-dependent
models. The vital rate models for each of our candidate models
are reported in electronic supplementary material, table S3.

All estimates were conducted using MCMC in JAGS [49]. We
ran models with four chains, each chain had a burn-in of 104
iterations followed by 104 draws from the posterior distribution.
We determined convergence of the MCMC chains by a visual
inspection of each posterior distribution and by examining
Gelman’s R̂ statistic. We used the Watababe–Akaike criterion
(WAIC) to rank relative model performance [50].
(e) Projecting future puma populations
We simulated potential puma populations 25 years into the future
using parameter estimates from our most parsimonious model
under two scenarios. For both scenarios, we simulated the effects
of wolf abundance on puma populations, but in only one did we
include human harvest. We let wolf abundance range from the
minimum observed value (10 wolves in 2001) to the maximum
(91 wolves in 2010) over a range of 15 evenly spaced values,
assuming that wolf densities were constant over the simulation
period. In the first scenario, we included the effect of huntingmor-
tality at historic levels, using the estimated value for the
probability of an animal being hunted ( pHarvest). In the second
scenario, we completely removed the effects of hunting (i.e. we
set pHarvest = 0). We simulated dynamics using the mean posterior
estimates under each wolf abundance 104 times and calculated the
mean puma abundance in the hunting season. The population
simulations were initiated using the puma population
abundances from 2016, the last full year of the study.
3. Results
(a) Puma monitoring
Wemonitored 147 individual pumas (86 kittens, 22 subadults,
39 adults) and estimated minimum annual puma densities
based on 4.5 (1.8 s.d.) adult pumas monitored each year.
Adult puma densities in the 890 km2 portion of the study
area for which we determined density varied between 2.5
and 8.9 resident adults, or 0.28–1.0 adults/100 km2 (electronic
supplementary material, table S1). Over the course of the
study, we recorded 115 mortalities. Eighteen mortalities were
from legal hunting, eight of which were censored from the
analyses because they dispersed beyond the study area, and
10 pumas were killed by wolves (table 1). Information on
annual wolf and elk abundances is found in electronic
supplementary material, table S1.
(b) Integrated population model
Our analyses demonstrated that observed changes in popu-
lation abundance of pumas were best described by a model
that included puma density and wolf abundance (density +
wolf) as predictors of survival and fecundity (table 2). This
model estimated (estimates reported as (mean, probability of
direction ( pD) [51]) that both puma density (αP =−0.09, pD =
0.99) and wolves (αW =−0.20, pD = 0.98) negatively affected
puma fecundity, and that wolves also negatively influenced
adult puma survival (βA,W =−0.36, pD = 0.99) and subadult
survival (βS,W =−0.24, pD = 0.70); the effects on subadult survi-
val, however, had high uncertainty. We also found that the
impact of puma densities on adult puma survival was
negative (βA,P =−0.14, pD = 0.99), consistent with a density-
dependent effect on survival. All other covariate effects in
these models were near zero and had a pD less than 0.95. All
parameter estimates and credible intervals from this model
are reported in electronic supplementary material, table S2.
Support for this model garnered more than five times the



Table 1. Cause of mortality for pumas at age of death, as opposed to age at start of monitoring.

hunting other anthropogenica undetermined starvation other natural predation

kitten 4 10 8 6 12

subadult 1 1 12 4 3 8

adult 17b 5 6 10 3 6
aThree were translocated by the state wildlife agency and their fates are unknown.
bEight harvested outside the study area.

Table 2. Ranked results of model selection. Density refers to annual puma
density, wolf to annual wolf abundance, off-refuge elk to annual elk in the
Jackson herd wintering off the National Elk Refuge, and elk to annual elk
in the Jackson herd wintering on the National Elk Refuge.

model
number of
parameters ΔWAIC WAICw

density + wolf 19 0.00 0.67

density +

off-refuge elk

19 3.52 0.12

density only 15 3.99 0.09

density + elk 19 4.21 0.08

null 11 6.54 0.03

local perceptions

modela
15 7.19 0.02

aThe ‘local perceptions’ model included density dependent and off-refuge
elk effects on puma fecundity, wolf effects on kitten survival, and both off-
refuge elk and wolf effects on adult survival.
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empirical support of the second-ranked model that included
the effects of puma density and off-range elk [52].

In our best model, we estimated the average annual
recapture probability of a puma to be 0.90 (0.17 s.d.). All
rates varied substantially between hunting and non-hunting
seasons and in some cases by year as well (figure 2). The esti-
mated annual fecundity (reported as posterior mean) was
1.53 (0.51 s.d.) kittens per female per year. Predicted fecund-
ity had substantial temporal variation due to the strong
effects of both density dependence and wolves (figure 3).
Our six-month survival estimates for kittens were 0.36 (0.10
s.d.) in the non-hunting season and 0.28 (0.08 s.d.) in the
hunting season (figure 2b). The subadult survival rates,
including only other mortality, were 0.93 (0.10 s.d.) in the
non-hunting season and 0.82 (0.17 s.d.) in the hunting
season (figure 2c). The adult survival rates, including only
other mortality, were 0.90 (0.03 s.d.) in the non-hunting
season and 0.86 (0.03 s.d.) in the hunting season (figure 2d ).
Finally, we estimated the annual probability of mortality in
subadults and adults due to hunting as 0.04 (0.02 s.d.).
(c) Simulated future puma populations
Our projections under our best model predicted a threefold
(CI 1.4–4.3) decrease in the local puma population over
the range of observed wolf abundances (reported as median
(95% CI) (figure 4). Removing legal hunting mortality
increased puma abundance by approximately 30% (CI −21%–
106%), which translated to roughly two adult pumas at low
wolf abundance and one adult puma at high wolf abundance.
The relative impact of removing puma hunting corresponded
to a change approximately equivalent to removing 20 wolves
from the system.
4. Discussion
Our results suggested that puma abundance in the southern
GYE is more strongly influenced by top-down forces (i.e. com-
petition) exhibited by a reintroduced apex predator, than by
top-down forces exhibited by human hunting or bottom-up
forces (prey abundance) subsidized by humans promoting
and providing primary production through agriculture
and supplemental feeding programmes. Our earlier analytical
approach, in which we determined local puma survival rates
using multistate capture–mark–recapture models [21], sup-
ported previous research emphasizing that top-down forces
are obscured by stronger bottom-up forces outside protected
areas [4]. Here, our IPM combining vital rates and abundance
data provided novel insights into this complex system and
helped us further parse out the competitive effects of wolves
and the bottom-up effects of elk on different puma age classes.
Our modelling framework, in which we separate human
hunting from the effects of apex predators, may also allow
other researchers to more realistically assess top-down effects
outside protected landscapes, where we see mixed human
effects and increased bottom-up forces. In the era of the
Anthropocene, mixed scenarios occurring along a spectrum
of completely protected to completely developed landscapes
are increasingly likely to occur [5].

Predominantly, our study system was not protected from
wildlife exploitation. Grey wolves, however, were protected
in all but 2 years of our study, during which there was limited
harvest. Grey wolves are distinctive because they can exhibit
strong top-down effects that initiate trophic cascades in natu-
ral systems [1,7,53]. In our study, increasing wolf numbers
had strong negative effects on puma fecundity, subadult sur-
vival and adult survival. These effects were near parallel to
effects previously assigned to changing elk densities off the
NER rather than wolves in an earlier analysis we conducted
with multistate capture–mark–recapture models and a
subset of the puma data herein [21]. The effects of increasing
wolves and decreasing off-refuge elk, however, are highly
correlated and difficult to tease apart (R2 = 0.71; electronic
supplementary material, figure S2). In fact, wildlife managers
suspect changing elk distributions are at least in part
explained by increasing wolves in the system, and that elk
are seeking to reduce predation risk from wolves by selecting
more open habitat on the NER than they did historically [32].
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Further evidence for this complexity is found in interpreting
the potential cause of puma starvation, which nearly equalled
mortality attributed to predation (table 1). Puma starvation
may have increased over the study due to the declining elk
herd (i.e. bottom-up effects), decreased accessibility to elk,
as mediated by exploitive and interference competition with
wolves (top-down effects), or both [21].

Puma survival was also influenced by density depen-
dence and decreasing puma abundance over the course of
the study. Density-dependent effects negatively impacted
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Figure 5. A map of North America depicting the historic and current ranges of pumas in green, and the current range in which they overlap with grey wolves in
dashed lines. Historically, wolves covered nearly the entirety of North America, excepting southernmost Mexico and Central America. (Online version in colour.)
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fecundity as well as adult and subadult survival. Subadult
survival appeared to increase with decreasing puma num-
bers, which is not surprising for a land-tenure species that
exhibits territoriality [15]. Given the uncertainty in this esti-
mate (electronic supplementary material, table S2), however,
we are cautious about how we interpret this result. ‘Juvenile
delinquent theory’ predicts that when hunting removes adult
males, the number of independent subadults in puma popu-
lations increases, creating unstable social dynamics [54,55],
but at this time, it is unknown whether there is a threshold
level of hunting that results in these dynamics.

Our results supported previous research emphasizing the
additive effects of hunting on puma mortality [12,13].
Uniquely, we were able to estimate that the average annual
impact of human hunting on puma abundance in this system
was approximately equivalent to the effects of 20 wolves
(figure 4). We would emphasize that human hunting was
low in our study system as compared to other areas of the
USA, and that human hunting does not replace wolf effects.
Wolves and human hunting directly and indirectly influence
puma sex and age classes very differently. Nevertheless,
these results have implications for how we might interpret
the current versus historic distribution and abundance of
pumas in what was wolf range. It may be that historically,
wolves limited pumas heavily across North America, where
the species were entirely sympatric except in southern
Mexico and Central American countries. Historic wolf abun-
dance may have also dictated puma scarcity in systems
lacking sufficient refugia to mitigate the effects of competition
(e.g. plains grasslands [56,57]). Further, current puma abun-
dance in parts of western North America may be high
not only due to the cessation of puma bounties in the mid-
twentieth century, but also to competitive release due to the
widespread extirpation of wolves in the USA (figure 5).

Most importantly, our research emphasizes that when
hunting is used as a management tool on subordinate
predators in systems with other apex predators, population
declines can happen quickly. This is an especially cautionary
note for managers in regions where apex predators are reco-
vering or being reintroduced [18]. This puma population
dropped by 48% while wolves repopulated the study area
and increased in abundance [21]. In another example, leopards
decreased by 79% over 4 years as tiger numbers increased;
researchers assumed that leopard numbers decreased due to
competition reducing leopard foraging opportunities, as well
as spatial displacement driving leopards into areas where con-
flict with people increased leopard mortality [27]. Thus, we
recommend that in systems with recovering apex predators,
managers evaluate subordinate predator hunting limits pre-
emptively rather than post hoc as they did in our system, to
compensate for the effects of dominant competitors on subor-
dinate guildmembers. InWyoming, wolf hunting has recently
been legalized again, and as an unintended byproduct, this
action will likely facilitate the maintenance of a higher density
of pumas in the study system.
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suggested by the American Society of Mammalogists and approved
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